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Introduction
[2] Uranium pollution of groundwater stems from all aspects of the nuclear fuel and weapons cycle, from mining through final disposal. USA facilities for weapons production cover >8000 km 2 [National Research Council, 2000] , and have generated 1.7 Â 10 9 m 3 of liquid waste, most of which was discharged to the subsurface [Crowley and Ahearne, 2002] . Because of the need for water in many of the industrial processes utilized in fuel and weapons productions, facilities and associated contaminated groundwater and sediment are frequently located close to streams and rivers, and groundwater/river water interactions can generate diel and seasonal changes in groundwater chemistry and flux. The U.S. Department of Energy's 300-FF-5
Operable Unit (''300 Area'') at the Hanford site near Richland, WA is a good example. The site is bounded to the east by the Columbia River where the river stage oscillates with an amplitude of up to 1 m/d and >2 m per season [Lindberg and Peterson, 2004; Zachara et al., 2005] . Due to very high hydraulic conductivity of adjacent aquifers, river stage oscillations cause changes in groundwater flux on a diel basis, and in groundwater chemistry on a seasonal basis over 250 m from the river [Hammond and Lichtner, 2010] . These changes have significant impacts on transport of solutes such as uranium.
[3] Diel and seasonal stage changes in streams all over the world generate oscillatory subsurface water chemistry in the hyporheic zone and perirheic zones. The scale of the groundwater oscillations is, in most cases, smaller than at Hanford. However, there are commonly large differences in chemistry (redox, pH, alkalinity, organic carbon, etc.) between surface water and adjacent groundwater. The oscillations of these chemical differences have nonlinear and unintuitive consequences on riparian groundwater transport in many streams [Jacobs et al., 1988; von Gunten et al., 1991; Conant et al., 2004] . In this way, the changes in groundwater chemistry in the 300 Area are probably replicated at smaller scales in many hyporheic and perirheic zones.
[4] In the 300 Area (Figure 1) , the transport of aqueous U(VI) is retarded because of adsorption and precipitation along the flow path McKinley et al., 2006 ]. These adsorption and precipitation processes are significantly influenced by water chemistry variations [Turner et al., 1996; Fritz and Arntzen, 2007; Ma et al., 2010; Hammond and Lichtner, 2010] . In situ measurement of water chemistry shows that pH in both Hanford groundwater and Columbia River water differs by around 1 unit depending on season and location. However, (bi)carbonate and other major ion concentrations in each water type remain relatively constant. The differences in chemical composition between groundwater and river water have important effects on the transport of U(VI) [Wellman et al., 2008; Bond et al., 2008] . In general, the lower (bi)carbonate concentration (1.13 mmol/L in river water versus 2.57 mmol/L in groundwater) and lower Ca concentration (0.45 mmol/L in river water versus 1.21 mmol/L in groundwater) of the Columbia River water drives more extensive U(VI) adsorption and retardation . Therefore understanding U(VI) adsorption/desorption under transient chemical conditions is essential for understanding and predicting U(VI) transport in the 300 Area.
[5] Several studies [e.g., Liu et al., 2004; have evaluated U(VI) adsorption/desorption and precipitation/dissolution mechanisms at the microscale using purified specimen minerals and sediments from the 300 Area. Bond et al. [2008] used artificial groundwaters to extract labile U(VI) from vadose zone sediments, and the results showed that the release of U(VI) depends strongly on chemistry, particularly alkalinity, which can, in turn, be affected by the general chemistry of the sediment-water mixture. Liu et al. [2009] also showed that U(VI) desorption varies with aqueous chemistry. The rate of U(VI) desorption is controlled by coupled intraparticle diffusion and adsorption, likely along a wide range of diffusion path lengths. This has been successfully modeled by assuming redistribution between slow and fast reactive sites Liu et al., 2008; Wellman et al., 2008] . From the perspective of a field-scale reactive transport model that can be used to simulate the U(VI) plume transport at the 300 Area, these effects can be assessed by changing the flow velocity and chemical composition in the modeling domain. Both of these changes are typical consequences of Columbia River stage changes. Medium-scale column (on the order of 1 m) experiments provide opportunities to understand the U(VI) transport behavior under conditions closer to those observed in the field, but with controlled boundary conditions and high-resolution measurements. Qafoku et al. [2005] and Liu et al. [2008] conducted such column experiments to investigate U(VI) desorption and adsorption under a variety of flow rates and physical properties using size-fractionated and field-texture sediments. These experiments were conducted under constant water chemistry. Liu et al. [2008] successfully modeled U(VI) desorption from 300-Area sediment using a surface complexation model coupled to a dualdomain mass transfer and multirate kinetics model with a lognormal distribution of rate coefficients.
[6] The surface complexation and multirate kinetics model have been incorporated into two field-scale models developed with the 3-D multicomponent reactive transport codes PHT3D [Prommer et al., 2003] and PFLOTRAN [Hammond et al., 2008] , respectively. Using PHT3D, Ma et al. [2010] predicted that aqueous U(VI) concentrations near the river would vary with flow direction because of changes in water chemistry. Using PFLOTRAN, Hammond and Lichtner [2010] showed that, under present-day conditions, transient chemistry and groundwater flow should generate an effect in which U(VI) can move toward the river with low retardation, but U(VI) transport away from the river is highly retarded. One challenge with these models is that, because transport is expected to be very sensitive to the details of water chemistry, it is difficult to know if the predictions are accurate. Furthermore, the multirate surface complexation approach to modeling the complex sets of processes causing the observed rate-limited U(VI) desorption has not been evaluated in the presence of strongly variable chemical conditions influencing U(VI) retardation.
[7] In this paper, we examine U(VI) desorption under variable chemical conditions in laboratory batch and column experiments on sediments collected from the deep vadose zone/upper saturated zone at the Integrated Field Research Challenge (IFRC) site (Figure 1 ) in the 300 Area at Hanford, USA. Two aqueous solutions similar to Hanford groundwater and Columbia River water were used to drive the U(VI) adsorption-desorption in the column experiments. There are two results from this paper. First, from batch experiments in well-mixed reactors, we demonstrate the impact of groundwater chemistry on adsorptiondesorption reactions, thereby deriving a sediment specific surface complexation model. Second, we utilize the developed surface complexation model and test its suitability in the distributed rate kinetic context to describe diffusionlimited adsorption-desorption under variable chemical conditions in flow-through column experiments.
Methods

Sediment Characterization
[8] Sediment was collected from bore holes prior to installation of wells for the IFRC tracer test site ( Figure 1 ). The following types of sediment samples were composited: 19 grab samples from 15 well locations, 9 discreet-depth samples from 6 well locations where continuous cores were collected; and 8 discreet-depth samples from locations where discreet-depth wells were installed ( Figure 1 ). These samples were collected immediately above and below the water table, which is a hydraulically dynamic zone where the water table oscillates in response to the Columbia River water stage changes. The zone from 7.5 to 10.5 m below ground surface, commonly referred to as the ''smear zone,'' contains the highest concentrations of U(VI) associated with the solid phase, and it is hypothesized that the uranium was placed there by adsorption and precipitation of uranium located in the upper part of the saturated zone . During the time period when the water table rises, either adsorption or desorption occurred depending on the in situ groundwater chemical conditions. Therefore sediments in the smear zone become both a source and a sink of U(VI) . All sediment is from the Hanford Formation, composed of a poorly sorted mixture of clay through cobbles, dominated by pebbles (2 -64 mm). Prior to the batch and column experiments, all 36 samples were mixed, dried, homogenized, weighed (456 kg total), and then sieved to <2 mm (22.4% by mass). The <2 mm fraction contains most of the sorbed U(VI) associated with carbonate minerals, clays, and micas Liu et al., 2008] . X-Ray diffraction analysis showed that all size fractions had similar mineralogical composition: quartz (>25%), plagioclase (5 -25%), and pyroxene (<5%). Dominant plagioclase compositions are Na-anorthite, albite, and labradorite. Dominant pyroxenes are augite, diopside, and pigeonite. Minor amounts of poorly ordered illite and kaolinite, and very poorly ordered smectite (likely 15 Å montmorillonite) were observed in most size fractions. Carbonates are a trace component of the <2 mm fraction, but have a sig-nificant impact on the water and U(VI) chemistry .
[9] Total U was measured by -spectrometry using nondestructive measurement of the 63 keV line of 234 Th in secular equilibrium with 238 U. The specific surface area was measured by N 2 adsorption at 77.35 K at 1.0 atm (Micromeritics Tristar 3000). As a check, a sample was sent to Quantachrome (Boynton Beach, FL) for a duplicate measurement. Labile U(VI) was calculated using a (bi)carbonate extraction following the method of Kohler et al. [2004] . Sediment (50 g/L) was reacted with a solution consisting of 1.44 Â 10 À2 M NaHCO 3 and 2.8 Â 10 À3 M Na 2 CO 3 at pH 9.5 and an alkalinity of 20 meq/L. The duplicate 250 mL reaction vessels were shaken on an orbital shaker table and subsampled (3 mL) for up to 56 weeks. Bicarbonate extraction samples were analyzed for pH, [U(VI)], and major cation concentrations. In the following sections, we assume that the labile fraction of U(VI) consists of only adsorbed U(VI) Kohler et al., 2004] .
[10] The <2 mm fraction is 85.4% sand (>62.5 m) and 14.6% undifferentiated silt and clay. The total U concentration in the sediment is 1.2 6 0.1 Â 10 À8 mol/g. The measured adsorbed U concentration in the sediment is 4.39 Â 10 À9 mol/g. The average specific surface area determined by four samples is 14.1 6 1.6 m 2 /g. Samples sent for analysis by an external laboratory measured 22% higher in surface area than those measured internally. This difference is not abnormal for lab-to-lab comparison of surface areas and all four measurements were averaged for use in modeling. Assuming a site density of 3.84 mol/m 2 [Davis and Kent, 1990] , the adsorption site concentration used in model calculations is 5.4 Â 10 À5 mol/g.
Batch Experiments
[11] Electrolyte solutions mimicking field-measured solution concentrations in 300 Area groundwaters, referred to as synthetic groundwater (SGW-B1, -B2, -B3, -B4, and -B5, Table 1 ), were prepared and mixed with sediment in batch reactors at suspension densities of 100 g/L (SGW-B1, -B2, and -B3) and 1000 g/L (SGW-B3, -B4, and -B5). All synthetic groundwater solutions described herein were free of U unless otherwise noted. The synthetic groundwaters 
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YIN ET AL.: EFFECTS OF TRANSIENT CHEMISTRY ON U(VI) W04502 each contained the same concentration of Ca, K, and Mg while alkalinity was varied between 0.5 and 6 meq/L. Sodium salts were added to maintain an ionic strength of 0.01 M. For each kinetic time point, duplicate sealed reaction tubes (50 mL for 100 g/L and 15 mL for 1000 g/L) were mixed on end-over-end rotators and sacrifice sampled between 1 and 293 days. At the time of sampling, pH was measured, the supernatant filtered (0.45 m), and alkalinity titrations performed. A subsample of the filtered supernatant was analyzed for U(VI) and major cation concentrations.
Column Experiments
[12] Additional electrolyte solutions were prepared to represent the Hanford groundwater (SGW0) and Columbia River water (SCRW, Table 1) for column experiments. Compositions of these two electrolyte solutions were calculated from in situ water chemistry and are based on a set of common ''recipes'' (C. Liu and J. McKinley, personal communication, 2009 ). Both electrolyte solutions were free of U. A 25 mg/L Br solution was also prepared for the conservative tracer test based on the recipe of SGW-0.
[13] The same sediment used in the batch experiment was packed into two 50 cm by 5 cm ID stainless steel columns. The first column was packed in 5 cm increments of dry sediment. After each increment, the column was tapped on the outside with a mallet to make sure the sediment was tightly packed. At each end, stainless steel screens, O-rings, and column ends were secured using 16.5 mm bolts on a flange. After packing, SGW was slowly injected upward into the column to bring it to saturation. The column then was left overnight. Before starting the desorption experiment, a small volume of SGW was injected into the column to fill any pores that were occupied by air during the initial injection. In the second column, before adding dry sediment at each increment, approximately 20 mL of SCRW was pumped into the column. The top level of the added sediment was kept just below the water table. Both of the empty columns, the added sediment in each column, and both of the saturated columns were weighed. The difference between the saturated column and the dry column was used as the pore volume.
[14] A high-performance liquid chromatography (HPLC) pump was used to inject the solution into the column. A 276 kPa back pressure regulator was used between the HPLC pump and the column inlet to minimize disturbance of the pumping rate resulting from pressure oscillations in the column. The outlet of the column was connected to a Gilson 212 auto sampler. An inline flow-through pH probe (Microelectrodes, Bedford, NH) was used to measure the effluent pH. The pumping rate was maintained at 1 mL/min in all experiments.
[15] Two U(VI) desorption experiments were conducted. (1) Desorption experiment (Deso1). This experiment was conducted in the dry-packed column. SGW-0 was eluted through the column to leach the U(VI). Over 40 pore volumes were injected through the column to bring the aqueous U(VI) concentration to below 30 g/L (drinking water standard). Three stop-flow events (with lengths of 24, 84, and 132 h) were conducted to evaluate U(VI) desorption kinetics when advection stops. The length of the stop flows were chosen to probe different time scales of mass transfer and desorption, and the timing of the stop flows were determined by work schedules. During the stop flow, it is expected that the nonequilibrium between the sorbed U(VI) phases and pore water causes changes to aqueous U(VI) concentrations.
(2) Transient chemistry desorption experiment (TranDeso1). This experiment was conducted in the wet-packed column. Beginning with SCRW, SCRW and SGW-0 were alternately eluted through the column to represent transient chemical conditions in locations adjacent to the Columbia River. In order to isolate the effects of transient chemistry, as in the first experiment, flow was in one direction at a constant rate. Two stop-flow events (with lengths of 96 and 99 h) were conducted to evaluate desorption kinetics when the column was saturated by SCRW and SGW.
[16] After completing all desorption experiments, a conservative (Br) tracer addition was conducted in each column to obtain physical transport parameters. The Br breakthrough curve was fitted using STAMMT-L [Haggerty and Reeves, 2002] to estimate the fraction of immobile pore domain and the corresponding first-order mass transfer coefficient.
Analytical Methods
[17] U(VI) was measured in a kinetic-phosphorescence analyzer (KPA-11, Chemchek Instruments, Richland, WA) after dilution with 0.1M HNO 3 . Major anions and Br were measured using an ion chromatograph (Dionex ICS-2000); major cations were measured by ICP-OES (iCAP-5000 Thermo Scientific, Waltham, MA); alkalinity was measured with both Titerts test kits (CHEMetrics, Calverton, VA) as well as titrations by hand with 0.02 N H 2 SO 4.
Numerical Modeling
[18] As a first step, the results of the batch experiments were employed to develop a generalized composite U(VI) surface complexation model [e.g., Davis et al., 1998; Bond et al., 2008] for the sediment utilized in our experiments. Equilibrium constants for surface complexation reactions were obtained by nonlinear, least squares optimization as described by Herbelin and Westall [1999] . The measured chemical composition for each experimental data point was included in the computation, and U(VI) aqueous speciation was computed using the constants in Table 2 . Absolute errors in concentrations were set to zero. Relative errors were as follows: 1.0% for site concentration, 2.0% for major cation and anion concentrations, 3.0% for U(VI) concentration, and 5.0% for hydrogen ion and H 2 CO 3 concentrations. This procedure is consistent with those used previously for surface complexation model fitting to adsorption of metal ions on natural materials [Davis et al., 1998; Bond et al., 2008] .
[19] In a second step, the reactive transport model PHT3D [Prommer et al., 2003] , a coupling of the multispecies transport model MT3DMS [Zheng and Wang, 1999] , and the geochemical reaction model PHREEQC-2 [Parkhurst and Appelo, 1999] was extended for the multirate surface complexation model proposed by Liu et al. [2008] and subsequently used to simulate the U(VI) adsorption/ desorption in column experiments. The reactions in Table 2 and the newly derived surface complexion reaction (described below) were added in the standard PHREEQC-2 thermodynamic database [Parkhurst and Appelo, 1999] . As by Liu et al. [2008] , precipitation/dissolution was not modeled. This is primarily based on the spectroscopic [Catalano et al., 2006] and chemical extraction results [Bond et al., 2008] showing that most U(VI) in the 300 Area smear zone exists as adsorbed species. Moreover, Liu et al. [2006] W04502 YIN ET AL.: EFFECTS OF TRANSIENT CHEMISTRY ON U(VI) W04502
shows that the dissolution of precipitated U(VI) has a halflife of 1 week to 5 months depending on the solution chemistry and mass transfer characteristics. This indicates that U(VI) dissolution does not play an essential role within the time frame used in the column experiments. In addition, the low U(VI) concentration observed in the experiments does not likely cause any precipitation. Partial pressure of CO 2 in the model is assumed to be 3.2 Â 10 À4 atm.
[20] The dual domain, multirate model has been used in several previous studies Ma et al., 2010; Greskowiak et al., 2010] . It is modified from Qafoku et al.'s [2005] model:
where m and im are the volumetric fraction associated with the mobile and immobile domains; C m i and C im i are the aqueous concentrations of chemical component i in the mobile and immobile domains, respectively ; m k;m j and m k;im j are the concentrations of adsorbed species j at adsorption domain k in the mobile and immobile domains, respectively; a ij i is the stoichiometric coefficient of chemical component i in adsorbed species j; D is the dispersion coefficient; a k is the first-order rate constant at adsorption site k and in our case follows a lognormal distribution; Q m j and Q im j are the equilibrium adsorption concentrations of adsorbed species j in the mobile and immobile domains, respectively ; ! is the first-order mass transfer coefficient between the mobile and immobile domains; Mi is the number of adsorbed species containing chemical component i ; and MD is the total number of adsorption domains.
[21] The lognormal density of first-order rate constants [e.g., Pedit and Miller, 1994; Culver et al., 1997; Haggerty and Gorelick, 1998 ] is
where p is the probability density of a site that has a rate constant of ; and are the mean and standard deviation. Recent studies Greskowiak et al., 2010] used 50 discrete adsorption domains (MD ¼ 50) to conduct the simulations.
[22] In the simulation with dual domain, each of the 50 adsorption sites in the mobile domain and each of the 50 adsorption sites in the immobile domain were assigned the same surface site density. The initial adsorbed U(VI) concentration at each site was also assigned the same value according to the labile U(VI) in the sediment (adsorbed U(VI)). Both site density and U(VI) concentration were normalized to porosities (Table 3) and have units of mol/ L water . Liu et al. [2008] provides ¼ À9:96 and ¼ 2:68 for the distribution of mass transfer rate constants. We use this as the starting point in our simulation and calibrate it according to the column data. The initial water composition in both mobile and immobile domain were set equal to the first samples collected. The initial U(VI) concentration before packing was set as zero.
Results and Discussion
Batch Experiments
[23] In each batch reactor, initial aqueous U(VI) concentrations increased rapidly in the first 1 -3 days. Subsequently, for experiments conducted at suspension densities of 1000 g/L, U(VI) continued to increase out to 15 days and then remained relatively constant for the duration of the experiment, which was 293 days. In contrast, for the experiments conducted at suspension densities of 100 g/L, U(VI) concentrations increased through the experiment. After 293 days, 95% -100% of the labile U(VI) had desorbed.
[24] Changes in U(VI) concentrations were accompanied by compositional changes that influence U(VI) adsorption equilibrium. Most importantly for the derivation of the surface-complexation model, alkalinity increased 10% -20% in the first 7 days of all batch experiments after which higher solid-to-liquid ratio (1000 g/L) systems stabilized and those at lower solid-to-liquid ratio (100 g/L) continued to increase at a slower rate. The pH of 1000 g/L reactors Guillaumount et al. [2003] .
b Dong and Brooks [2006] .
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YIN ET AL.: EFFECTS OF TRANSIENT CHEMISTRY ON U(VI) W04502 decreased by 0.4 over the first 3 days and then slowly increased 0.6 units for the remaining 290 days. At 100 g/L, pH generally dropped by 0.1 units and then increased by 0.2 on a similar time scale. Ca concentrations followed trends similar to U(VI). These changes are consistent with slow aerobic respiration and incongruent dissolution of aluminosilicate minerals typically observed on these time scales [Blum and Stillings, 1995] . The composition changes were reflected in the batch equilibrium-adsorption modeling that was carried out to derive a generalized composite surface complexation model.
[25] Several surface complexation reactions and combinations of reactions proposed by Bond et al. [2008] were tested for their suitability to describe the experimentally observed U(VI) adsorption over the applicable range of chemical conditions at equilibrium. The best fit was obtained with the reaction
[26] Assuming an adsorption site density of 3.84 mol/m 2 [Davis and Kent, 1990] , the best-fit log (K) value was À11.73 and weighted sum of squares divided by degrees of freedom (WSOS/DF) was 2.8.
[27] This model accounted for the influence of variable chemistry on U(VI) adsorption over the compositional range applicable to the site (Figure 2) . Actual model-calculated K d values showed scatter similar to the scatter in the experimentally measured values. This is a result of differences in chemical composition (e.g., Ca concentration) other than alkalinity that influence U(VI) adsorption. Dissolved U(VI) concentrations computed with this surface complexation model and aqueous concentrations observed at each time point showed that equilibrium with respect to U(VI) adsorption was achieved within 42 days, after which U(VI) adsorption remained at equilibrium as chemical conditions continued to evolve.
Column Experiments 3.2.1. Constant Influent Desorption Experiment
[28] Major ion concentrations decreased rapidly within the first few pore volumes (PV) and then remained relatively constant at a level close to the injected SGW-0 during the Deso1 experiment (Figure 3a) . The rapid decrease is likely to be a result of the dissolution of salts that had precipitated prior to the experiment during sediment drying, and/or reequilibration of ions on the exchange sites. These processes likely contributed to observed decreases in alkalinity and pH (Figure 3b ). After the first 3 to 4 pore volumes, the chemical composition of the effluent changed much more slowly. A significant drop in NO À 3 concentration was observed during all three stop-flow events. After the stop flow, NO À 3 quickly increased back to the influent concentration 0.5 mmol/L. The observed loss of NO À 3 during stop-flow events was likely caused by denitrification, suggesting active microbial respiration occurred during the experiments. Microbial respiration likely also contributed to increases in alkalinity observed during the first two stop-flow events. In turn, increases in alkalinity during stop-flow events could contribute to U(VI) desorption (Figure 2) . The pH slowly decreased until the second stop-flow event (Figure 3b ), after which it dropped 0.5 unit and remained relatively constant thereafter. In addition to microbial respiration, slow release of hydrogen ions from adsorption and exchange sites may also contribute to the observed decrease of pH in the column [Liu et al., 2009] . Minor increases in Ca concentrations were observed after the second and third stop-flow events ( Figure  3a) . It is possibly caused by calcite dissolution during the stop flow associated with pH decrease.
[29] Trends in U(VI) desorption are similar to those reported previously for vadose-zone U(VI)-contaminated sediments from the site [e.g., Mason et al., 1997; Qafoku et al., 2005; Liu et al., 2008] , with an initial rapid decline in U(VI) followed by a long tail (Figure 4a) . Changes in chemistry favoring desorption based on equilibrium calculations were observed (e.g., increased alkalinity and Ca 2þ ) during the stop-flow events. The slow approach to equilibrium observed in batch experiments suggests that U(VI) desorption equilibrium is not likely to be reached within the time scale of the column experiments. Thus, the observed increases in U(VI) concentrations provide further evidence for rate-limited U(VI) desorption. In the context of the multirate surface complexation model, during the stop flow, the sites at the faster end of the rate-coefficient distribution become populated with the U(VI) released from sites at the slower end of the distribution . The increased U(VI) concentration after the stop flow is attributed to this redistribution. The increase of the U(VI) concentration is very small in the third stop-flow event ( Figure 4a ). This likely results from depletion of sorbed U(VI) during the 17 day period prior to the third stop-flow event. A mass balance calculation shows that by the beginning of the third stop-flow event, nearly 40% of the sorbed U(VI) had been removed.
Transient Chemistry Desorption Experiment
[30] Significant decreases in dissolved salt concentrations and other chemical conditions were observed during the first 3 pore volumes in TransDeso1, similar to what was observed in Deso1 ( Figure 5 ). These changes in chemical composition likely reflect the same set of processes described in the previous section. Subsequently, over the following 10 pore volumes, changes in major ion concentrations steadily approached those expected based on changes in the influent concentrations (Figure 5b) . Measured pH values constantly increased for the first 3 pore volumes, after which they decreased and then increased close to the pH in SGW-0 from 3 to 5 PV (Figure 5a ). Subsequent to the first stop-flow event, changes in effluent pH values followed trends in the influent pH, but the low pH values characteristic of SCRW were never fully achieved (Figure 5a ). These trends in pH values likely reflect differences in alkalinity in the influent solutions. The alkalinity of the SCRW is likely too low to counteract the pH-buffer capacity of sediment surfaces. In addition, the low alkalinity, pH values, and Ca 2þ concentration of SCRW create chemical conditions near the inlet where calcite is undersaturated. Dissolution of calcite results in an increase in alkalinity during transport through the column. A similar set of reactions should occur as Columbia River water is transported through the aquifer at elevated river stages. Similar to the second stop-flow event in Deso1, there was a 0.13 pHunit drop during the stop-flow event 1 and 0.2 pH-unit drop during the stop-flow event 2. Likewise, the increased alkalinities were 0.38 and 0.43 meq/L, respectively. [31] U(VI) concentrations decreased much more slowly during TransDeso1 than was observed during Deso1 ( Figure  4) . Even though the chemical composition of injection SCRW changed during transport through the column, the effluent chemical conditions exhibited lower pH, alkalinity, and Ca 2þ concentrations than those observed during injection of SGW-0. Thus, during periods when SCRW was injected into the column, chemical conditions favored significant decreases in U(VI) desorption throughout the column. Rate-limited U(VI) desorption was observed during the two stop-flow events (Figure 4b) . The significantly smaller increase in U(VI) concentrations observed during the second stop-flow event as compared to the first also reflects differences in the aqueous chemistry resident in the column during the stop-flow events. During the first and second stop-flow events, aqueous chemistry reflected the composition of SGW and SCRW, respectively, as modified by the additional chemical reactions and biological processes described previously. Lower alkalinity values and Ca 2þ concentrations during the second stop flow were less favorable to U(VI) desorption ( Figure 2 ) and therefore less extensive mass transfer of U(VI) out of the sediments occurred.
Modeling
[32] The physical transport parameters of the two column experiments were estimated with the code STAMMT-L and the results are given in Table 3 . In contrast to the experiment Deso1, no immobile domain needed to be considered to fit the Br breakthrough curve in the experiment Tran-Deso1 where the sediment was wet packed. Preferential flows might occur along the column wall during the experiments. Therefore, in optimization, longitudinal dispersivity was optimized to a large value to simulate the observed breakthrough curve.
[33] Modeling the temporal variation in effluent chemistry would require ad hoc assumptions about mineral dissolution and other reactions that affected pH, cation, and carbonate concentrations. Instead, we adjusted the pH, alkalinity, and other major cations of the influent SGW-0 and SCRW manually to the corresponding values observed in the effluent in both experiments. In Deso1, considering that the measured chemistry was relatively stable except in the first few pore volumes, averaged values of pH and alkalinity just before and just after the three stop-flow events were used to make four SGW recipes used in the model (SGW1 -SGW4). In TranDeso1, a more detailed chemical composition sequence was used to investigate the responses of U(VI) desorption to variations in water chemistry. Twenty one discrete chemical compositions based on the pH, alkalinity, and major ion composition of the effluent were used as input in the model. Therefore the influent chemistry approximately resembled the evolutions of the effluent chemistry and most of the compositional transitions in the column were thereby manually captured. Model calibration was carried out by only adjusting the rate constant distribution with the condition that the log-standard deviation had to be the same as measured by Liu et al. [2008] . An additional simulation using a single fast rate constant (0.0241 h À1 ) was conducted to evaluate whether the number of discrete adsorption domains could be reduced.
[34] The calibrated model captured the major trends in U(VI) concentrations as observed in both experiments (Figure 4) . In Deso1, increasing the log mean of rate constant increased the overall U(VI) desorption. However, the influence of the rate constant decreased when the mean of the rate constants became sufficiently large that the model-calculated U(VI) concentrations approached equilibrium. Under such conditions, U(VI) desorption was mainly controlled by the pore water chemistry rather than the rate constant distribution. Simulations using a single constant rate showed no significant differences than the simulations using 50 discrete rate constants, suggesting that a single adsorption domain may sufficiently represent the early stage U(VI) desorption in this composite sediment. However, as shown in Figure 4a , the increased U(VI) in the third stop-flow event was completely missed in the single-rate simulation case. Almost all the simulation cases captured the magnitude of the U(VI) increase in the first stop-flow event but underestimated the U(VI) increase in the second stop-flow event and missed the U(VI) increase in the third stop-flow event. This indicates that a small amount of U(VI) on slow adsorption sites remained in the sediment. Models with additional complexity, such as those with a relatively large portion of faster adsorption sites and a small portion of slow adsorption sites, might be required to improve predicted U(VI) desorption. Utilizing the best-fit simulation with a log mean of ¼ À4:66; an additional simulation has been carried out that does not take into account the chemical variation induced by mineral dissolution and ion exchange reactions within the column; instead, the experimentally defined (constant) input solution was employed. The simulation results show a nearly constant U(VI) desorption through time (Figure 4a ). Therefore it can be concluded that without considering the changes of major ion chemistry occurring within the column, U(VI) desorption cannot be adequately described in Deso1.
[35] Similar to Deso1, simulated results of TransDeso1 could not be significantly improved by increasing the mean of rate constants (Figure 4b ) when >¼ À6:05. Differences between simulation cases became even less significant during the SCRW injection phases. For example, the various cases produced essentially identical calculated aqueous U(VI) concentration differences between 9 and 12 pore volumes. The simulation differences, however, increased during 12 and 18 PV when the pore solution generates less adsorption strength. Comparison of the 50 domain simulations where ! À6:05 and the single adsorption domain simulation again indicates that a single kinetic rate constant may be sufficient to represent the results of these experiments. Note that in the single-rate simulation case, the lack of slow adsorption domains (as seen in Deso1) was not significant because of the relatively short contact times between pore fluids and sediments. Because the input solutions have been adjusted to closely track the compositional changes occurring within the column, the overall underestimation of U(VI) concentration between 2 and 7 PV is likely to be result of the inherent error of the surface complexation model that overestimates the adsorption strength around an alkalinity of 2 meq/L (Figure 2) . However, the small undulations resulting from the variable major ion chemistry were well captured by the model. Without adapting the input solutions (i.e., neglecting the effect of sediment buffering) in the simulation for ¼ À4:66; simulated U(VI) concentrations drastically underestimate the measured U(VI) concentrations with those simulated with the adapted inflow solution. The response of U(VI) concentrations to the water chemistry changes in the nonadapted simulation was more pronounced than in the simulation where the inflow solution was adapted (Figure 4b ), even though concentrations were overall low. Again, this means that without accounting for the water chemistry changes occurring along the column, U(VI) desorption could not be predicted. In both stop-flow events, all simulation cases underestimated the U(VI) increase. This discrepancy may result from the assumption of constant chemical conditions spatially within the column. This assumption is most likely to be violated during stop-flow events, where chemical reaction rates likely drive differences in chemical composition spatially along the column. During the stop flow, the chemical composition in the column is likely to favor desorption, but the composition near the column outlet (measured in the first effluent sample following the stop flow) favors adsorption. None of the simulations could account for the enhanced desorption during two stop-flow events and it could not be clarified to what degree chemistry changes or mass transfer processes are responsible for the observed U(VI) concentration peaks.
Conclusion
[36] The U(VI) transport at the Hanford 300 Area is affected by factors expected to be important in many sites near streams and rivers. These include variable chemical composition owing to changes in flow direction caused by changes in river stage, and slow mass transfer owing to dif-fusion and adsorption in mineral grains and mineral-grain aggregates. In the present study, laboratory experiments and corresponding numerical modeling have been carried out to investigate U(VI) adsorption/desorption behavior and its dependency on transient water chemistry conditions that are representative of, but not limited to, the Hanford 300 Area site. The results of laboratory batch and column experiments demonstrate the importance of pH, (bi)carbonate concentration (measured as the alkalinity), and Ca 2þ concentrations on U(VI) adsorptive mass transfer. A previously proposed multicomponent multirate surface complexation model only captured the U(VI) desorption in the conducted column experiments when chemical conditions were adequately defined. However, in the studied sediment and within the time scale of the column experiments, the number of adsorption domains could be decreased to increase the computational efficiency. Under constant water chemistry, desorption of U(VI) is fully controlled by rate-limited mass transfer, and the underestimation of U(VI) increase in the stop-flow event at the later stage of the experiment (e.g., in Deso1) could be compensated by assigning several slower adsorption domains to retard the desorption. In the experiments with transient chemistry, U(VI) adsorption/desorption was largely controlled by the rate of changes in water chemistry rather than the mass transfer rates.
[37] From this study, it can be concluded that the application of the multirate surface complexion model to the field is feasible when the groundwater chemistry is sufficiently constrained or the evolution of the groundwater chemistry can be accurately predicted. However, the rate constant distributions and the number of the adsorption domains should be carefully calibrated to characterize the physical and chemical properties and the contamination history of the investigated sediments. At the Hanford 300 Area, near the Columbia River, stage oscillations and microbial metabolism change the water chemistry on a daily and seasonal basis. The field measurements of U(VI) therefore have to be coupled with chemistry measurements to constrain the hydrochemical parameters of the model. It will be valuable to improve models for predicting the evolution of inorganic carbon, major cations, and pH under transient chemical boundary conditions.
